Rat eradication has become a common conservation intervention in island ecosystems and its effectiveness in protecting native vertebrates is increasingly well documented. Yet, the impacts of rat eradication on plant communities remain poorly understood. Here we compare native and non-native tree and palm seedling abundance before and after eradication of invasive rats (Rattus rattus) from Palmyra Atoll, Line Islands, Central Pacific Ocean. Overall, seedling recruitment increased for five of the six native trees species examined. While pre-eradication monitoring found no seedlings of Pisonia grandis, a dominant tree species that is important throughout the Pacific region, post-eradication monitoring documented a notable recruitment event immediately following eradication, with up to 688 individual P. grandis seedlings per 100m 2 recorded one month post-eradication. Two other locally rare native trees with no observed recruitment in pre-eradication surveys had recruitment post-rat eradication. However, we also found, by five years post-eradication, a 13-fold increase in recruitment of the naturalized and range-expanding coconut palm Cocos nucifera. Our results emphasize the strong effects that a rat eradication can have on tree recruitment with expected long-term effects on canopy composition. Rat eradication released nonnative C. nucifera, likely with long-term implications for community composition, potentially necessitating future management interventions. Eradication, nevertheless, greatly benefitted recruitment of native tree species. If this pattern persists over time, we expect long-term benefits for flora and fauna dependent on these native species.
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Introduction
Non-native rodents have invaded about 80% of the world's island groups [1] , posing a severe threat to native insular biodiversity. Invasive rats (primarily Rattus rattus, R. exulans, R. norvegicus) are omnivores with a range of direct and indirect impacts on island communities. As predators of animals, they have caused the extinction of numerous animal species in insular communities, including reptiles, seabirds, landbirds and invertebrates [2] [3] [4] , with many additional indirect impacts, such as effects to nutrient subsidies supplied by these animals [5] [6] [7] . In addition, as omnivores, non-native, invasive rats also consume seeds, seedlings, and adult plants [8] [9] [10] [11] [12] , leading to changes in the abundance, composition, and structure of plant communities [13] [14] [15] , including the extinction of some endemic island plant species [16] .
Invasive rat eradication on islands is an established conservation tool that has been shown to benefit native biodiversity and human well-being [17, 18] . To date, over 650 Rattus spp. eradications have been attempted on islands worldwide [19] with many examples of recovery of native animal populations post-eradication [2, [20] [21] [22] [23] [24] [25] [26] . Yet, despite the increasing frequency of rat eradications globally and substantial evidence that rats can directly and indirectly affect many plant species, there are few detailed pre-and post-eradication studies within the English scientific literature on plant community change following a rat eradication, especially on tropical islands [27] . Amongst those that have, only a handful of studies-all from temperate New Zealand-have examined the effects of rat removal on seedling recruitment [8, 13, [28] [29] [30] . Here we examine the effects of an atoll-wide eradication of black rats (R. rattus) on the recruitment of native trees and non-native trees and palms on tropical Palmyra Atoll (Northern Line Islands) in the Central Pacific.
Plant species can be expected to vary in their susceptibility to seed predation and herbivory by Rattus due to factors such as palatability, seed size (preference for relatively small seeds), accessibility, and seed coat strength [31] . On Palmyra Atoll, invasive Rattus species are recognized as seed predators of seven of the eight species of tree and palm included in this study (i.e., Barringtonia asiatica, Calophyllum inophyllum, Cocos nucifera, Cordia subcordata, Guettarda speciosa, Hernandia sonora, Neisosperma oppositifolium, and Pisonia grandis) [16, [32] [33] [34] ; the exception is the uncommon, non-native tree, C. inophyllum, for which rats have been observed manipulating but not killing any seeds [33] .
Rattus rattus are known to have a particular preference for seeds of P. grandis [33, 35] , an ecologically important native tree that provides nesting habitat for many seabird species [36] as well as important habitat for geckos and insects [37, 38] . Due to a combination of rat and land crab predation, recruitment and establishment of P. grandis from seed on Palmyra Atoll was very limited (nearly absent) in the presence of rats (H.S. Young unpublished data). Indeed, in an experimental study, Young et al. [39] found that~99% of all outplanted P. grandis seeds failed to survive one month. In spite of this low recruitment and survival, the size of the P. grandis population across Palmyra Atoll has remained one of the largest in the tropical Pacific [33, [40] [41] [42] , with its persistence likely the result of vegetative sprouting (e.g., plants regenerating through fallen branches). However, a number of investigators have reported that P. grandis is in decline both on Palmyra Atoll and globally [41] [42] [43] .
The coconut palm, C. nucifera, was first spread throughout the Pacific Ocean by Austronesian voyagers over 1500 years ago, then by early European explorers, and most recently by early European agricultural entrepreneurs for copra production [44, 45] . On islands where they have been introduced, coconut palms often form monodominant stands and have been shown to directly compete with P. grandis for water resources [46] . Cocos nucifera was likely introduced to Palmyra Atoll within the past 1500 years [44, 47] with abundance increasing between 1850 and 1970 due to small-scale cultivation efforts [45] . Rattus rattus can be an important predator of coconut palm seeds and seedlings (by consuming the sprouting apical meristem); these behaviors may have partially controlled the recent expansion of this invasive plant further into the atoll's remaining native species forest stands [33, 48] . Thus, while rats are likely directly detrimental to the persistence of native plants on Palmyra Atoll, they may also indirectly benefit native plants by inhibiting the spread of C. nucifera via consumption of coconuts and germinating plants [49] .
In an effort to benefit native plant and animal communities, invasive R. rattus were eradicated from Palmyra in June 2011 [50] , providing the opportunity to investigate plant responses to the rat eradication. Quantifying seedling numbers before and after the rat eradication, we examine the effect of R. rattus on the establishment of native and non-native plant communities, with the ultimate goal of understanding the effects of rat eradication on tropical plant communities and, in particular, short-term regeneration of both native and non-native plants. Specifically, we: 1) surveyed 55 seedling transects to examine recruitment of common native trees and introduced coconut palms across the atoll, and 2) conducted directed searches of seedlings under adult individuals of rare native and non-native tree species across the atoll.
Methods

Study area
Palmyra Atoll (5˚53 0 N 162˚5 0 W) is located in the Northern Line Island Chain in the Central Pacific Ocean approximately 1,600 km southwest of the Hawaiian Islands (Fig 1A and 1B) and is co-managed as a U.S. National Wildlife Refuge by the U.S. Fish and Wildlife Service (USFWS) and The Nature Conservancy (TNC). The atoll consists of 25 islets, comprising 235 ha of emergent land dominated by native Pacific tropical island tree species (e.g. P. grandis) and non-native coconut palms. The site is a wet tropical habitat with limited seasonality and a mean annual temperature and rainfall of 25˚C and 4,445 mm, respectively. Non-native R. rattus were likely introduced to the atoll in the 1940's during World War II [51] .
A closed canopy forest covers much of Palmyra and is comprised of coastal species found across the Pacific. It is dominated by three forest types: (1) monodominant stands of nonnative C. nucifera ("Non-native" forest), (2) mixed species forest of ten native tree and shrub species (dominated by P. grandis, Pandanus fischerianus, and Heliotropium foertherianum) and with intermediate densities of non-native C. nucifera ("Mixed" forest), and (3) native-dominated forest (primarily P. grandis trees in the interior and H. foertherianum along the coast), with low abundances of C. nucifera ("Native" forest) [52] .
In 2011, the USFWS and TNC partnered with Island Conservation to eradicate R. rattus from Palmyra Atoll using an anticoagulant rodenticide, brodifacoum [50] . Rats were functionally extirpated from the atoll (i.e. >99% of the rodent population eliminated) in July 2011, one month after the first rodenticide bait application (June 2011). Rats were confirmed eradicated one year post-eradication (June 2012) following intensive monitoring for the presence of rats across the entire atoll [50] . Brodifacoum is not known to affect mortality of land crabs [53, 54] , a prevalent native seed and seedling predator on Palmyra Atoll. In addition, brodifacoum is highly insoluble in water [55] , and there is no mechanism to suggest that the anticoagulant impacts plant recruitment or growth.
We 
Seedling transects
To examine the effects of R. rattus eradication on seedling recruitment of common tree species, we conducted repeated surveys of seedling abundance on 55 strip transects distributed across the atoll in 2007 (pre-eradication), and in 2011, 2012, 2014, and 2016 (post-eradication; Fig 2) . Strip transects (50 x 2 m) were spaced evenly (by distance along the coast) around 13 of the 25 uninhabited islets [52] . To avoid confounding variables, the one inhabited and largest islet was not sampled. Strip transects were paired and located parallel to the coastline, with one transect ('coastal') located 5 m from the high tide line and the second transect ('inland') located 50 m inland from the coastal transect. We aimed to place up to 10 transects per islet, while maintaining a minimum of 200 m between coastal transects and not allowing overlap between inland transects. If an islet was less than 100 m wide, the inland transect was located at the centermost point of the island. If an islet was less than 50 m wide, an inland transect was not included. In practice, this minimum distance meant that for small islets there were many with fewer than 10 transects, and the actual number of transects per islet ranged from 1 to 10. Strip transects were re-located each year using a hand-held GPS with an error of up to 5 m. Young et al. (2010) classified transects established prior to the eradication (2007) into one of three forest types based upon the percent basal area of C. nucifera: "Non-Native": > 75% basal area of C. nucifera (n = 24); "Mixed": 75% and ! 25% basal area of C. nucifera (n = 14); and "Native" <25% basal area of C. nucifera (n = 17; details in [52] ).
We counted seedlings of both P. grandis and C. nucifera rooted within (i.e., at least 50% of the plant's base) each strip transect. There was no minimum seedling size, and all germinants and cotyledonous seedlings encountered were included in counts. For P. grandis, we defined "seedlings" arbitrarily as plants less than 40 cm in height, measured from the ground to the apical meristem of the plant. We did not count vegetative sprouting (e.g. plants regenerating from fallen branches) as seedlings. For C. nucifera, which often exceeded 40 cm before a single leaf opened, we defined "seedlings" as nuts that had germinated but did not have any fully opened fronds. Thus, unlike P. grandis, C. nucifera plants ! 40 cm in height could still be considered seedlings. All of the P. grandis seedlings counted on surveys conducted one-month post-eradication (August 2011) were < 10 cm tall, suggesting that these seedlings were most likely from seeds that germinated no more than two months before the survey period (the start of the eradication operation) (E. Adkins unpublished data) [56] . Three native, locally common tree species were excluded from analyses because either they did not generally recruit in the habitats sampled (i.e., coastal species: Scaevola sericea and H. foertherianum) or different counting methods were applied (P. fischerianus).
Locally rare tree seedling plots
To assess changes in abundance of less common species, in 2004 (pre-eradication), and in 2011, 2012, 2014, and 2016 (post-eradication), we conducted directed searches for adult individuals (! 4m in height) of most known locally rare tree species (defined as approximately < 50 individual adult plants across the atoll; Fig 2) . These included five native species (B. asiatica, C. subcordata, H. sonora, G. speciosa, and N. oppositifolium) and one non-native tree species, C. inophyllum. Only one rare native tree species, Premna serratifolia, was excluded from surveys because most individuals (five of six) were inaccessible due to their proximity to a sensitive seabird breeding colony. All individual trees observed were mapped and, in 2011, individually identified and marked using permanent aluminum tree tags. For each adult tree located, we established 15 m radius plots around the tree trunk and counted all seedlings (here defined as any plant < 200 cm in total height) of the focal tree species that occurred within the plot. When two or more conspecific rare adult trees occurred within 15 m of one another, we chose the largest trunk within the group as the center point of the radius and created one plot for the group. We surveyed plots around a total of 49, 55, 55, 54, and 53 individual trees in 2004, 2011, 2012, 2014 , and 2016 respectively (see S1 Table for species details). Due to adult tree growth and mortality, plot localities and number of plots are not identical across years. In addition, we were unable to track the same tree across the sampling years 2004 and 2011, therefore seedling data were pooled by species by year prior to analysis.
Analyses
As no P. grandis seedlings were counted in transects pre-eradication, and post eradication P. grandis data were not normally distributed, we used a resampling approach. For each year post-eradication, we sampled 10,000 means from the data with replacement, and compared the means to zero (pre-eradication value).
We conducted repeated measures analyses of variance for C. nucifera seedlings counted in seedling transects using a repeated measure analysis. Cocos nucifera data were not normally distributed, so we used log 10 transformed data to conduct the analyses. To account for sphericity, we used the univariate Greenhouse-Geisser (Univar G-G) correction. To examine individual differences across sampling years, we conducted a series of repeated measures tests with two years of data (pre-eradication vs one month, one year, three years, and five years posteradication; one month vs one year post-eradication, etc.). We used a Bonferroni corrected alpha level of 0.005 to test for statistical significance and to account for multiple comparisons.
For the locally rare tree seedling plots with pre-eradication seedling data, we checked for over-dispersion and used a zero-inflated negative binomial generalized regression (to account for numerous zero counts within the data) [57] with Tukey HSD pairwise comparisons to examine datasets across sampling years.
To examine differences in native and non-native tree recruitment patterns across forest types (native, mixed, and non-native) in 2016 (five years post-eradication), we compared the number of P. grandis seedlings found on seedling transects in native (n = 17) and mixed (n = 14) forest types to the number found in non-native (n = 24) forests using a resampling approach. We sampled 10,000 means from the native and mixed forest data with replacement, and compared the means to zero (there were no seedlings found in non-native forests). In addition, we examined C. nucifera seedling recruitment across forest types (sample sizes are the same as above) using a zero-inflated negative binomial generalized regression with Tukey HSD pairwise comparisons.
We conducted all analyses using JMP Pro 13 statistical software (SAS Institute Inc. (2016), http://www.jmp.com), and we used an alpha level of 0.05 for all analyses, except where stated above.
Results
Native trees
Using resampling, post-eradication seedling abundance of P. grandis was significantly greater across all years compared to pre-eradication (2011: P < 0.0001; 2012: P = 0.0001; 2014: P = 0.0134; 2016: P < 0.0001; Figs 1C and 3A) . Pre-eradication, we found no P. grandis seedlings in all 55 seedling transects conducted across the three forest types. In contrast, we found a notable P. grandis germination event post-rat eradication with seedling counts averaging 12.5 seedlings transect -1 across all forest types one month following eradication (June 2011)
( Fig 3A) . While P. grandis seedling counts in 2014 and 2016 were reduced in comparison to the 2011 post-eradication germination event, we continued to observe recruitment (in comparison to no recruitment in pre-eradication surveys). For two of the five rare native tree species, the mean number of seedlings observed within plots significantly increased during our five-year post-eradication monitoring period compared to pre-eradication levels (Fig 3B-3E) . Barringtonia asiatica seedling abundance significantly increased one year (diff = -3.04, df = 46, t = -2.84, P = 0.05), three years (diff = -3.49, df = 46, t = -3.26, P = 0.0172) and five years (diff = -3.94, df = 46, t = -3.67, P = 0.0054) posteradication (Fig 3B) , while H. sonora seedling recruitment was significantly greater than preeradication levels every year post-eradication (2011: diff = -3.05, df = 66, t = -3.33, P = 0.012; 2012: diff = -3.22, df = 66, t = -3.51, P = 0.007; 2014: diff = -3.58, df = 66, t = -3.86, P = 0.0024; 2016: diff = -4.09, df = 66, t = -4.38, P = 0.0004; Fig 3E) . For two additional rare native tree species where no seedlings were observed in pre-eradication monitoring (C. subcordata and G. speciosa), we observed seedlings during all post-eradication monitoring periods (Fig 3C and  3D) , nevertheless, no statistical difference was evident in seedling counts pre-and post-eradication. For one native tree species, N. oppositifolium, we found no seedling recruitment within plots either pre-or post-eradication (not graphed).
Non-native trees
Cocos nucifera seedling recruitment was overall significantly different pre vs. post rat eradication (F (Greenhouse-Geisser) = 49.5097, df = 1.89, 102.31, P<0.0001). More specifically, C. nucifera seedling recruitment remained relatively low both pre-eradication and through 2012 (Fig 4A;  Table 1 ). By 2014, seedling counts significantly increased (F (Greenhouse-Geisser) = 33.8035, df = 1, 54, P<0.0001) and increased again in 2016 (F (Greenhouse-Geisser) = 41.425, df = 1, 54, P<0.0001) when compared to pre-eradication counts (Fig 1D) . In addition, seedling counts significantly increased in 2016 compared to 2014 (F (Greenhouse-Geisser) = 9.9643, df = 1,54, P<0.0001; see Table 1 for all comparisons). By 2016, seedling counts were 13 times greater than those measured pre-eradication (Fig 4A) .
Pre-eradication C. nucifera seedling counts were conducted in 2007, and post-eradication seedling counts were conducted in 2011, 2012, 2014, and 2016. Num. df and Den. df refer to numerator and denominator degrees of freedom, respectively. A Bonferroni corrected alpha level of 0.005 was used to test for statistical significance.
Seedling abundance for the rare non-native species, C. inophyllum, was not significantly different from pre-eradication levels any year post-eradication (Fig 4B) .
Comparative analysis
Examination of P. grandis and C. nucifera seedling counts within the three forest types five years post-eradication (2016) revealed important differences in native vs. non-native plant recruitment patterns (Fig 5) . Native P. grandis recruitment was significantly different across forest types with relatively high levels of recruitment in both native dominated forests (using resampling, P = 0.0002) and mixed forests (P = 0.0102) when compared to non-native forests (where we saw no recruitment) (Fig 5A) . In contrast, non-native C. nucifera recruitment was also significantly different across forest types but recruitment in non-native dominated forests was two and 29 times greater than that observed in mixed and native forests, respectively (mixed vs. native: diff = 2.02, df = 52, t = 5.03, P = < 0.0001; non-native vs. native: diff = 2.65, df = 52, t = 7.2, P = < 0.0001, Fig 5B) .
Discussion
Understanding the effects of rat eradication on plant communities is critical to understanding the long-term impacts of this increasingly common conservation intervention [2] . These responses are likely to be complex; short-and long-term responses of plants to rat eradication will be a function of the direct impact of rat herbivory and seed predation, the life history and reproductive strategy of individual plant species, environmental conditions, and interactive effects of other flora and fauna responding to the rat eradication [27] . Despite this complexity, we found that rat eradication was followed by increased recruitment for >80% of studied native tree species five years out, starting as early as one-month post-eradication. We also found increased recruitment of one important non-native palm, C. nucifera.
The increases in seedling recruitment we observed are consistent with previous studies identifying seed and seedling consumption by rats as a factor inhibiting plant recruitment on the atoll [33, 39] and elsewhere [8, 10, 12, 31] . Notably, while no seedlings of the highly abundant P. grandis were observed during pre-eradication monitoring, recruitment increased dramatically and immediately (one month) post-rat eradication, although this response diminished in later years. The strong increase in recruitment was likely due to the direct effects of rat predation on P. grandis seeds, which are a known food item for rats [35] . Prior to the eradication, P. grandis was recruiting primarily via vegetative propagation, with seed and seedling predation preventing seedling recruitment. By facilitating the establishment of P. grandis seedlings produced via sexual reproduction, the rat eradication may bolster the long-term survival of this plant in the face of ecosystem change [58] .
There are multiple potential explanations for subsequent decline in seedling recruitment in P. grandis between one and five years post-eradication including: 1) competition with C. nucifera seedlings in the monodominant stands of coconut palms, particularly in the non-native and mixed forests, 2) intraspecific competition with established seedlings, 3) a period of high seed production (or 'pulse') coinciding with the eradication in 2011, and 4) post-eradication increases in the presence of omnivorous land crab species. Preliminary evidence exists for each explanation:
1. In forest habitats with the highest C. nucifera seedling establishment, P. grandis seedling recruitment is lowest (Fig 5A and 5B ).
2. Although we did not follow individual P. grandis seedlings over time, incidental observations suggest that a subset of seedlings survived into following years, potentially shading out new P. grandis recruits (pers. obs.). 3. Both the timing and scale of P. grandis seed production is at least partially driven by precipitation and can vary wildly within and between years [56] . In this case, while P. grandis seedling establishment does appear to be influenced by the absence of rats, the high rates of production of seeds during our 2011 monitoring period was almost certainly unrelated to the rat eradication (as seeds would have been on trees prior to the eradication event). This strong pulse of seed production was unique among our post-eradication survey years.
4. Land crabs are significant seed predators and herbivores that are known to affect plant community structure on remote oceanic islands [59, 60] . On Palmyra Atoll, rats were known to limit crab numbers [33] , and five years post-eradication the relative abundance of several crab species appears to be increasing [61] , potentially leading to increased consumption of seeds and seedlings by land crabs. The impacts of crabs on seedling recruitment may continue to increase as their populations grow following release from invasive rat predation.
It is reasonable to assume that several of these mechanisms may influence seedling recruitment following rat eradications, and these remain important avenues for investigation.
The post-eradication increases in seedling recruitment observed in other native tree species (B. asiatica, H. sonora, G. speciosa and C. subcordata) were also likely the result of reduced seed or seedling predation from rats. Several of these species have been observed to be heavily predated by rats in this site or elsewhere in Polynesia [33, 34] . However, unlike P. grandis, B. asiatica and H. sonora were experiencing successful, if limited, recruitment prior to the rat eradication. One reason that these species were able to sustain recruitment in the presence of rats may be because the fruit structure of these species provided them greater relative protection from seed predation. While the P. grandis seed is surrounded only by a thin exocarp, B. asiatica contains the toxin saponin and H. sonora fruit has a thick hard exocarp. Still, given the very limited recruitment observed for these native species prior to rat eradication, we anticipate that rat eradication may allow long-term increases in the abundance of these native tree species.
Not all native tree species monitored during our study showed an increase in recruitment. We found no difference in seedling counts of N. oppositifolium, pre-vs. post-eradication, despite rats being a known seed predator of this species on other tropical islands [34] . Likewise, we found no change in seedling counts of the non-native tree C. inophyllum; this is unsurprising given that the fruit is known to be poisonous to rats [62] . The lack of change in recruitment of N. oppositifolium and C. inophyllum is consistent with observations that seed handling by rats and crabs is often non-lethal for these tree species [16, 33, 34] .
The differential responses to rat eradication across plant species observed in this study are similar to results reported from rat eradications in very different contexts. For example, R. exulans and R. norvegicus were found to depress recruitment in only 11 of 17 species of coastal trees on 14 New Zealand offshore islands studied [13] and 3 of 22 woody or tree fern species on Ulva Island [28] . In order to move towards a more predictive capacity for evaluating the likely impacts of rat eradication efforts on plant communities, further research is needed to understand specific seed or seedling traits that drive differential responses among plants to rat removal.
As noted, tree seedling recruitment is complex and likely a response to a host of variables. Most notably, while Palmyra has a relatively constant warm, wet tropical climate, precipitation can vary widely between months and across years (S1 Fig) and could feasibly influence recruitment. However, there were no clear correlations between monthly precipitation and recruitment success. Moreover, given the extremely high rates of rainfall in the system (~4.5 m per year), it seems unlikely that recruitment of most plants is rainfall limited.
While the increased recruitment of native trees post-rat eradication suggests clear conservation benefits of rat eradication, we also found increased and accelerating recruitment of C. nucifera five years post-eradication, especially in non-native and mixed forests where adult C. nucifera were present. As with native species, this increase is likely due to release from seed predation by rats. Cocos nucifera's particularly strong response is likely due to the fact that the seeds appear less vulnerable to predation by land crabs than are the smaller seeded native species (such that there is little compensatory predation of seeds by crabs in the absence of rats). Unlike for native species, the strong response of C. nucifera took several years to emerge. This is likely because C. nucifera's slow seed production requires approximately a year for the seed to reach maturity [63] and most of rat predation occurred on juvenile seeds; consequently, the longer monitoring period (i.e. five years) was more relevant for detecting the significant increase in seedling recruitment post-eradication.
High abundances of C. nucifera have been shown to cause cascading ecosystem impacts including changes in water availability, soil nutrient content, plant and animal community composition, and changes in the behavior, size, and body condition of island fauna [45] . If uncontrolled, non-native C. nucifera forests will likely expand on Palmyra Atoll with related detrimental impacts to native plant and animal communities and ecosystem processes that may limit the larger beneficial impacts of rat eradication [64] . Multiple direct and indirect factors will determine long-term changes in native plant community structure including recovery of native crab populations, inter-and intraspecific competition among the plant species, changes in insect community structure, and seabird-mediated nutrient availability. Understanding responses to invasive animal eradication requires a whole-ecosystem context, including responses of both native and non-native species [65] to evaluate effectiveness of rat eradication and gauge other management actions required to promote the long-term recovery of native plant species. Our study contributes towards this knowledge base by presenting evidence of how tree and palm seedlings respond to the release from rat predation on a tropical atoll.
Conclusions
Our study adds to the growing literature on the potential benefits of rat eradication; in this case, we document strong apparent release of native trees following removal of rat herbivory and seed predation. To the best of our knowledge, this is the first study to investigate seedling recruitment following a rat eradication on a tropical island. Given the importance of native trees for both vertebrate and invertebrates, this may foreshadow strong positive impacts of the eradication for many other native species at Palmyra Atoll. However, consistent with management expectations during the eradication planning, we also detected a strong increase in C. nucifera seedlings, highlighting potential negative impacts via competition with native tree species and loss of habitat. As a result, active management of C. nucifera will likely be needed to control proliferation of this species, and maximize benefits to native vegetation for the atoll [51] .
The potential long-term effects of this rat eradication on plant communities are just beginning to unfold. We only examined short-term effects on seedling establishment, which, while critical to long-term persistence of various tree species, may only reflect transient dynamics. Rats also, no doubt, directly affected vertebrate and invertebrate communities through predation and competition [3, 66] , including crabs and seabirds. As these populations respond to the rat eradication, indirect effects may become more important in determining the future of tree regeneration at Palmyra and ultimately mature forest composition. Monitoring must continue to play a key role in documenting long-term effects of this eradication and to facilitate early intervention if any negative outcomes emerge. Cumulatively, these results, provide much needed insight into how tropical island ecosystems will likely respond to conservation actions like rodent eradications [67] or to future rat invasions into insular systems. 
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